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A comparative study of total mercury, elemental mercury and mercury fractionation has been performed on
particle-size fractions of soils affected by anthropogenic sources of different origins, namely two former
chloralkali plants (CAPs) and two historical cinnabar mine sites in Spain. A specifically developed sequential ex-
traction procedure was applied in order to evaluate mercury fractionation, including Labile mercury (F1), mer-
cury bound to humic and fulvic acids (F2), elemental mercury and mercury bound to crystalline iron oxides
(F3), and mercury bound to sulfide and refractory species (F4). Markedly higher total mercury concentration
were found in ancientmining soils (AMS), with concentration values ranging from 18.6 to 1509 μg·g−1, whereas
soils from CAPs exhibited lower total Hg concentrations (1.7–61.6 μg·g−1). Hg(0) was not detected in AMS sam-
ples and this indicates the absence of this species in the studied areas. In contrast, very low Hg(0) concentration
were found in CAP soils as a consequence of the intense interaction of gaseous Hg deposited along with soil ma-
trix compounds. Sequential extraction analyses revealed different fractionation patterns for both kinds of studied
soils: AMS exhibited a clear predominance of Hg bound to sulfide in all particle-size subsamples whereas soils
from CAPs mainly contained elemental Hg and Hg bound to crystalline iron oxides in the coarser subsamples.
Conversely, Hg bound to sulfide was the major fraction in the finest soils. In summary, the results of the present
study indicate a high level of Hg immobilization in CAP soils because of the interaction with soil phases and the
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prevalence of highly refractory cinnabar in AMS samples. Finally, it is necessary to highlight that, in some cases,
compounds with higher reactivity can lead to a lower toxification risk if differences in concentrations are suffi-
ciently marked, as detected in CAPs with respect to AMS.

© 2019 Elsevier B.V. All rights reserved.
1. Introduction

Hgpollution in soils fromanthropogenic activities is an environmen-
tal concern due to the potential risks to biota and human health caused
some Hg compounds or species. In particular, chloralkali plants and
cinnabar (HgS, virtually the only ore mineral of this element) mining
operations are responsible for the release of Hg into the nearby environ-
ment despite the fact that processing activities were completed a long
time ago. The chloralkali industry based on Hg cell technology has
historically been a significant source of atmospheric Hg emissions and
direct inputs into the surrounding environment (Ebinghaus et al.,
1999; Hintelmann and Wilken, 1995). The main Hg contamination
streams from chloralkali plants (CAPs) are aerial emissions, wastewater
emissions and solid waste (Garron et al., 2005). On the other hand,
ancient mining soils (AMS) from old Hg mines usually contain high
concentrations of total Hg (Martinez-Coronado et al., 2011; Ordonez
et al., 2013; Tersic et al., 2011). Hg mining and metallurgic operations
are based on the extraction of cinnabar from natural deposits and the
roasting of ore. The long period required for mining and processing
of the Hg can leave a legacy of contaminated mine wastes and unpro-
cessed materials surrounding the abandoned mines and retorting
plants. These constitute a long term source of Hg that can be mobilized
by weathering and by microbiological and physico-chemical processes
into more readily available chemical forms that can be dispersed in
watersheds or through atmospheric emissions, thus creating environ-
mental hazards (Gray et al., 2013; Li et al., 2013).

The impact of Hg pollution in soils cannot be properly assessed by
measurements of total Hg concentrations alone. The mobility, availabil-
ity and toxicity of Hg depends on the presence in the soil of different Hg
species and, in turn, on the interactions between these and the mineral
constituents of soils. Organic Hg compounds, such as methylHg, and
soluble inorganic Hg species pose a very high potential risk even in
small quantities, since they are readily available to plants and can even-
tually enter the food chain (Bishop et al., 1998; Mohamed et al., 2003)
and/or be mobilized to water masses (Beckers and Rinklebe, 2017).
Other inorganic Hg species, such as cinnabar, are less prone tomobiliza-
tion. In addition, the sorption of Hg in soils has amarked dependence on
particle size (Bengtsson and Picado, 2008; Fukue et al., 2006; Sahuquillo
et al., 2003; Schluter, 1997). Hg can be complexed through charge-
transfer and electrostatic forces by anions such as sulfates, as well
as by negatively charged surfaces of Fe, Al andMn oxyhydroxides or or-
ganic carbon groups (Brown et al., 1999; Coston et al., 1995; Wen et al.,
1998; Yin et al., 1996). The concentrations of Hg and other heavymetals
in soils and sediments generally tend to increase with decreasing grain
size and this is due to the propensity of metals to bind with finer parti-
cles (Boszke et al., 2004). Finer particles are mainly composed of
weather-resistant, net negatively charged minerals of Fe and Al, includ-
ingmainly oxyhydroxides (Coston et al., 1995). In sandy soils with very
low contents of organic matter, quartz and feldspar minerals can retain
cationic Hg species, which are found predominantly in medium to
coarse particle sizes (Barber et al., 1992; Biester et al., 2002).

Sequential extraction procedures (SEPs) have been widely used to
determine Hg concentrations associated with relevant solid phases in
solid environmental samples (Beatty et al., 2012; Bloom et al., 2003;
Fernández-Martínez and Rucandio, 2013; Han et al., 2003). In the SEP
process the sample is treated with specific reagents with successively
stronger dissolving power in order to simulate the release of Hg
into solution under different environmental conditions. In spite of its
operationally definednature, SEPs constitute a common and feasible ap-
proach to characterize the environmental reactivity of Hg in soil and
sediments as well as to evaluate its availability to plants.

The work described here concerns an investigation into the differ-
ences between the impact of Hg in particle size fractions of soils affected
by anthropogenic sources of different origins, specifically, two former
CAPs and two old Hgmining sites. For this purpose, total Hg concentra-
tions were determined and an SEP process, which was specifically de-
veloped for the fractionation of Hg, was applied to the studied soils.
For comparative purposes the Hg(0) was determined by means of a se-
lective desorption technique.

2. Experimental

2.1. Site descriptions and sampling points

Almadén is the center of the so-called Almadén Hg mining district,
which was the largest Hg mine in the world from Roman times to
the beginning of the 21st century and is the source of one third of the
Hg ever produced (Hernandez et al., 1999; Higueras et al., 1999)
(Fig. 1). Mining production was centered in Almadén town, with
mines of minor importance disseminated in the Almadén syncline
(El Entredicho, Nueva Concepción, Vieja Concepción and Las Cuevas;
Hernandez et al., 1999; Higueras et al., 1999). These ore deposits belong
to twodifferent typologies: stratabound deposits and stockwork deposits,
with the former typology being the most important in terms of Hg pro-
duction. Hg was present almost exclusively in the form of cinnabar,
with minor proportions of elemental Hg. Interestingly, the deposit was
almost completely monoelemental, with extremely low concentration
of other metallic elements frequently associated with Hg, such as Sb, As,
Ag, etc. As a result of the transformations caused bymetallurgical activity,
e.g., weathering or reactions in the soil, other Hg compounds are evident
in Almadén soils. These include schuetteita (Hg3O2(SO4)), metacinnabar
(a cubic polymorph of cinnabar), and Hg chloride (calomel) (Esbri et al.,
2010). Three samples were taken in the Almadén mining district: from
NE-26 in the surroundings of Almadén town, a site related with atmo-
spheric deposition and/or ancient metallurgical works; EDAR-01 close
to a small urban wastewater treatment plant and some 500 m East of
Almadenejos metallurgical precinct, one of the most polluted sites in
the world (Campos et al., 2018; Martinez-Coronado et al., 2011); and
NC-01 near a closed shaft of the Nueva Concepción mine, where metallic
Hg was a very common Hg component in the ore.

The Asturias Hg mining district comprised N18 mines disseminated
in an area of some 3600 km2 and these were particularly exploited in
the 20th century (Fig. 1). Cinnabar and associated minerals appear in
these mines as irregular veins, granular aggregates or impregnations
in Precambrian to Carboniferous rocks (commonly limestones or
siliceous breccias in sandstones). The main difference regarding the
Almadén Hg mining district is its polymetallic character, with high
proportions of arsenic, and a complexmineral paragenesis including or-
piment (As2S3), realgar As4S4), melnikovite (a variety of pyrite, FeS2),
chalcopyrite (CuFeS2), arsenopyrite (FeAsS), stibnite (Sb2S3) and galena
(PbS) (Loredo et al., 1999). This area also supported intensive metallur-
gical activity, with lower calcination temperatures in their rotary
furnaces (over 853 °C) than the other mining districts (Luque and
Gutíerrez, 2006), producing high proportions of metacinnabar in pol-
luted soils (Esbri et al., 2010). Other differences include the absence of
shuetteite and the presence of corderoite (Hg3S2Cl2) or HgO. The most



Fig. 1. Location of sampling sites.
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important mines in this district are the La Peña-El Terronal and
Soterraña mines. Hg in soils from these areas occurs as a mixture of
mining and metallurgy wastes (Higueras et al., 2015; Ordonez et al.,
2014; Rumayor et al., 2017). Samples SOT1 and SOT2 correspond to
soils taken in La Soterraña mine, with Hg appearing as cinnabar or me-
tallic Hg and with minor proportions of pararealgar, orpiment, pyrite,
marcasite and arsenopyrite. La Soterraña was an underground mine
that was active from Roman times until the 1970s and it had its own
metallurgical plant with rotary furnaces. Sample TRR1 was taken in
the surroundings of the La Peña-Terronal mine, where minor propor-
tions of nativeHg andhigher proportions of arsenicminerals like realgar
or As-rich pyrite have been described (Rumayor et al., 2017; Loredo
et al., 2003).

The Flix site (Tarragona province, NE Spain) is an area characterized
by intense industrial activity since the latter part of the 19th Century
(Fig. 1). This site includes a Hg-cell-based technology chloralkali plant
that is located very close to the town on the banks of Ebro river and is
close to a dam, which is irregularly filled with contaminated wastes



Table 1
Sequential extraction scheme for Hg fractionation.

Fraction Extractant solution Duration/temperature Target phase

F1 20 mL 0.2 M HNO3 2 h agitation 50 °C Labile Hg species
F2 10mL 0.1 MNa4P2O7 16 h agitation rt Humic and fulvic complexes
F3 20 mL 7.2 M HNO3 21 h agitation rt Elemental Hg and bound to

crystalline oxides
F4 10 mL 0.03 M KI

in 5.1 M HCl
45 min agitation
70 °C

Hg sulfide and refractory
species

rt: room temperature.
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(Palanques et al., 2014). The industrial facility has a long history of chlo-
rinated solvent production from the end of the 19th century and this led
to a legacy of pollution mainly in Ebro sediments, but also in surround-
ing soils, produced by dry and wet deposition of metallic Hg emitted by
the Na-Cl production process (Esbri et al., 2015). On the other hand and
considering that mercury used in this type of industries is metallic mer-
cury, it is not expected to find Hg in the forms of sulfides or sulfates in
the soils from Flix area. Remediation works in polluted sediments in-
cluded the removal of sediments and transportation to a waste security
deposit some 15 km to the North of Flix (2015). These works may have
produced some disturbances to this simple scenario, including the dis-
persion of dust (particulate matter) consisting of polluted sediments
that can reach soils through dry deposition. Sample F1 represents the
soil close to the chloralkali facility, with a higher total Hg concentration
and higher probability of atmospheric Hg deposition. Samples F6 and
F43 represent a gradation in total Hg concentration and these were
taken at increasing distances from the industrial site. All of these
samples were collected during the initial process of remediation, so
the effects of this process are not expected to be evident in our study.

Jódar is a small locality of Jaén province, Southeast of Madrid, and it
represents in this study an abandoned industrial site (Fig. 1). The
studied area is located on the banks of the Guadalquivir River, which
is approximately the same distance from the towns of Jódar and
Úbeda. The chloralkali facility was active for only 14 years and activity
was ceased due to suspicions about health effects of Hg pollution in
local workers (Higueras et al., 2016). The site soil usage comprised
mainly agricultural areas dedicated to the cultivation of olive trees.
Once again, similarities with the Flix case study include the expected
absence of sulfides and sulfates in soils, and the known – but not docu-
mented – spillage of polluted sediments into the Guadalquivir River. In
this case, the absence of a dam led to the dilution of this problem.
Samples J4, J7 and J14 were taken around the decommissioned facility,
at the north (J4), east (J14) and west (J7) of the abandoned plant,
from an olive grove (J4 and J7) and from dry land cultivation soils (J14).

2.2. Reagents, standards and apparatus

All standards and reagents were of analytical grade and most
were purchased from Merck (Darmstadt, Germany). Ultrapure water
(resistivity ≥18.2 MΩ·cm) was obtained from a Milli-Q Element A10
system (Millipore, Bedford, Ma, USA). A Hg stock standard solution of
1000 mg L−1 in 2 M HNO3 (Scharlau, Spain) was used to prepare the
Hg standard solutions. Ar and O2 gases of purity higher than 99.999%,
used in CV-AFS and DMA-80 instruments, were supplied by AlphaGaz.
All glassware and bottles were cleaned by soaking in 0.5 M HNO3 for
2 days followed by rinsing three times with deionized water.

The equipment employed for the extractions consisted of a vortex
mixer (LabNet Inc.) with a variable speed, a bench-top centrifuge
(Eppendorf 5804), a rotary shaker (Bunsen ARR-8) and a thermostat-
controlled drying oven (Proeti S.A.) with a maximum adjustable tem-
perature of 200 °C.

2.3. Sample collection and preparation

Soil samples were taken from the topsoil layer (0–20 cm) using an
Ejkelkamp stainless steel drill, discarding the soil surface covered with
vegetation and cleaning the drill with deionized water and a metallic
brush between each sample. All samples were stored in polyethylene
bags prior to laboratory analysis. Soil samples were dried at room
temperature for 30 days. After this period, sample preparation included
disaggregation, mixing, homogenization and splitting, with four
aliquots separated: for analysis, granulometry determinations, pedolog-
ical parameters and an untreated sample for preservation. The aliquot
for total Hg determinations was ground (50 g) in an automatic agate
mortar for 2 min. The aliquot for grainsize determinations (400 g) was
subjected to dry sieving using a sieve shaker for 5 min, with pauses of
10 s everyminute to achieve greater efficiency in the selection of thefin-
est grains. Seven distinct particle size fractions were separated: b0.06,
0.06–0.125, 0.125–0.25, 0.25–0.5, 0.5–1, 1–2 and 2–4 mm. Among
them, b0.06, 0.5–0.25 and 2–1 mmwere selected to evaluate the influ-
ence of grain size on Hg distribution in the studied soils. Each grainsize
fraction was weighed and stored in plastic bags prior to analysis.

2.4. Analytical methods

Total Hg (THg) concentrations were obtained by Atomic Absorption
Spectrometry with Zeeman Effect using a Lumex RA-915+ system
coupled to a PYRO-915 pyrolyser. In this technique Hg contained in
the solid sample was atomized using a two-stage heating chamber.
The quantification of Hg atoms was carried out in an external analytical
chamber. The lamp energy was checked every hour or 20 samples.
Quality control included analysis of CRMs NIST 2710a and NIST 2711,
with percentage recoveries of 98–109%.

An overview of the sequential scheme for the fractionation of Hg
used in this research is given in Table 1. This is an SEP specifically
developed to evaluate Hg fractionation in solid environmental samples
according to the unique physical and chemical properties of the numer-
ous Hg species (Fernández-Martínez and Rucandio, 2013). Extractions
were conducted in centrifuge tubes with 0.5g of dried soil. Continuous
agitation was maintained for an appropriate time with a rotary shaker.
Samples were centrifuged at 4000 rpm for 10 min after each extraction
step. The supernatantswere removed using a Pasteur pipette and trans-
ferred to a vial. All samples were washed with 5 mL of ultrapure water
between the different extractions. Washed solutions were combined
with their corresponding extracts, filtered through 0.45 μm cellulose
paper, and diluted with water to a final volume of 50 mL.

The determination of Hg in fractions from the SEPwas carried out by
Cold Vapor Atomic Fluorescence Spectrometry (CV-AFS) using a PS
Analytical Millenium Merlin instrument. The EPA 245.7 method (EPA,
2005) was followed in general terms but adapted for each solution.
This method is based on the oxidation of all Hg forms to the Hg(II) oxi-
dation state using a brominemonochloride solution (BrCl). Fractions F1
and F3, which were nitric acid solutions, did not require prior oxidation
with the BrCl solution and nor did F4. According to the recommenda-
tions of Babi et al. (2002), in the case of fraction F4 an alkaline solution
of SnCl2 was used instead of acid due to the need to break the highly
stable bonds between Hg and iodide ions.

Elemental Hg (Hg(0)) samples were evaluated by means of a pyrol-
ysis technique by following procedures reported in the literature
(Navarro et al., 2006; Sladek and Gustin, 2003). Sample aliquots (1 g)
were placed in porcelain crucibles and were initially heated at 80 °C to
achieve thermal desorption ofHg(0) according to the recommendations
of Sladek and Gustin (2003). A portion of the sample was then taken
for Hg determination, while Hg(0) was calculated from the difference
between total Hg concentrations before and after the heating process.
Determination of Hg(0) in AMS samples was performed in a Lumex
RA-915M device coupled to a PYRO-915 unit to overcome problems
with high Hg concentrations in samples. This technique involves
thermal desorption of Hg compounds using a heat ramp configuration
described by Rumayor et al. (2016). The rate of temperature increase
was 38 °C min−1.
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The pH was measured immediately after sample collection using a
Pt–Ag/AgCl CRISON selective electrode on sample/water suspensions
at a 1:2.5 ratio (w/v) (McLean, 1982). A LECO CS-244 elemental
analyzer was used for the total carbon (TC) determination in the soil
samples by means of combustion in an induction furnace in the pres-
ence of oxygen gas; the amount of carbon dioxide released during this
combustion wasmeasured by an infrared detection method. Total inor-
ganic carbon (TIC) was determined using a Shimadzu-VCHS instrument
equipped with a solid sample combustion unit. Total Organic Carbon
(TOC) was determined as the difference between TC and TIC.

Accuracy and precision of the analytical procedures for total element
concentration by CV-AFS and LUMEX were verified using the certified
reference material (CRM) San Joaquin Soil NIST 2709a. The results were
consistent with the certified values with errors of b5%. Element concen-
trations in procedure blanks and in all reagents were always below the
detection limit. In addition, the suitability of the sequential extraction
method was assessed by its application to CRM NIST 2710 Montana soil
(with elevated trace element concentrations),whose certifiedHg concen-
tration is 32.6 ± 1.8 mg kg−1. The sum of Hg concentrations extracted in
every fraction was 30.6 ± 2.5 mg kg−1, which is in good agreement with
the certified value at the 95% confidence level (t-test).

The statistical relationship between some selected variables in the
studied samples was determined by bivariate correlation using the
Pearson coefficient in a two-tailed test (P b 0.05 and P b 0.01).

3. Results and discussion

3.1. Total Hg and Hg(0)

Total Hg concentrations in grain-size subsamples from AMS were
notably higher than those obtained for CAP soils, which indicates that
Table 2
Main parameters measured in the studied soils. Abbreviations: CAP: chloralkali plants; AMS: a

Source Area Sample Grain-size (mm) THg (μg g−1)

CAP Jódar J4A 2–1 1.71
0.5–0.25 1.86
b 0.06 2.21

J7A 2–1 2.35
0.5–0.25 2.68
b 0.06 2.79

J14A 2–1 2.35
0.5–0.25 2.29
b 0.06 3.01

Flix F1A 2–1 5.4
0.5–0.25 16.4
b 0.06 21.1

F6A 2–1 0.4
0.5–0.25 0.6
b 0.06 2.1

F43 2–1 20.7
0.5–0.25 18.5
b 0.06 61.6

AMS Asturias SOT1 2–1 445
0.5–0.25 1097
b 0.06 1782

SOT2 2–1 18.6
0.5–0.25 41.5
b 0.06 202

TRR1 2–1 91.4
0.5–0.25 302
b 0.06 471

Almadén EDAR1 2–1 154
0.5–0.25 169
b 0.06 222

NE26 2–1 154
0.5–0.25 134
b 0.06 368

NC1 2–1 1393
0.5–0.25 2633
b 0.06 4509
mining activities release higher amounts of Hg to soils (Table 2 and
Fig. 2). Mining and metallurgical activities involve, as surface activities,
transport of ore, stockpiling, roasting, emissions and losses that lead to
widespread Hg impact in soils from these areas (Higueras et al., 2006).
Meanwhile, activity in CAPs is restricted to an indoor facility and this
only leads to Hg(0) emissions to the atmosphere and eventually waste-
water and solid waste dispersion (Biester et al., 2002).

Very high THg concentrationswere observed in all AMS subsamples,
both from Almadén and Asturias (18–4500 μg·g−1); these concentra-
tions are comparable to (but lower than) those previously reported in
soils and mine tailings from La Peña-El Terronal mine site in Asturias
(45–27,000 μg·g−1) (Fernandez-Martinez et al., 2005) and they are also
in the same order of magnitude as those corresponding to soils from the
Idrija cinnabar mine (Slovenia) (9–370 μg·g−1) (Kocman et al., 2004).
The highest concentration corresponded to NC01 subsamples, which
were taken from a location close to an old shaft of the Nueva Concepcion
mine and probably contain polluted wastes from underground works.

Regarding Hg(0), quantifiable concentrations were not found in AMS,
whereas very low levelswere observed in certain subsamples of CAP soils.
Although these results could be considered contradictory, since Hg(0) is
the primary source of Hg in CAP soils (Esbri et al., 2015), it has been
established that Hg deposition occurs preferentially as Hg(II), i.e., Hg is
previously oxidized by atmospheric oxidants like Br− or OH– or directly
emitted by the CAP as Hg(II) (Elgazali et al., 2018). The other possibility
is direct dry deposition of Hg(0), which is readily oxidized to Hg(II) by bi-
otic and abiotic reactions and subsequently sorbed onto soils via organic
and inorganic cation-exchange, iron oxides or complexed by organicmat-
ter (Soares et al., 2015). In addition, other routes that can be considered
are (i) the abiotic conversion of Hg(0) to Hg(II), which is promoted by
the presence of thiol compounds (R–SH) due to the formation of highly
stable R–S–Hg(II) complexes (Yamamoto, 1995), and (ii) biotic oxidation
ncient mining soils; TOC: total organic carbon; Hg(0) (%) is referred to THg.

Hg(0) (μg g−1) Hg(0) (%) TOC (%) S (%) pH

b0.01 b0.6 1.7 b0.1 8.7
b0.01 b0.5 1.4 b0.1 8.5
0.35 15.9 1.9 b0.1 8.4
0.01 0.4 3.1 b0.1 8.6
0.19 6.9 3.0 b0.1 8.2
0.22 8.0 1.6 b0.1 7.8
0.01 0.6 1.7 b0.1 8.4
0.17 7.2 1.5 b0.1 8.3
0.44 14.6 1.4 b0.1 8.0
b0.01 b0.2 1.7 b0.1 7.7
0.75 4.6 1.4 0.98 7.6
0.31 1.5 1.9 0.65 7.9
b0.01 b2.5 3.1 0.11 7.9
0.01 1.7 3.0 0.10 8.0
0.1 4.8 1.6 b0.1 8.1
b0.01 b0.05 1.7 0.53 7.9
1.8 9.7 1.5 0.38 7.9
b0.01 b0.02 1.4 0.61 7.8
b0.01 b0.1 1.0 b0.1 7.8
b0.01 b0.1 2.6 0.10 7.5
b0.01 b0.1 2.6 0.15 6.9
b0.01 b0.1 1.2 b0.1 7.8
b0.01 b0.1 1.8 b0.1 7.0
b0.01 b0.1 1.9 b0.1 6.8
b0.01 b0.1 1.9 0.47 7.4
b0.01 b0.1 20.1 0.44 6.1
b0.01 b0.1 14.8 0.37 6.2
b0.01 b0.1 1.0 b0.1 6.8
b0.01 b0.1 1.4 0.12 7.1
b0.01 b0.1 1.5 0.52 6.5
b0.01 b0.1 1.5 b0.1 7.2
b0.01 b0.1 1.5 b0.1 7.2
b0.01 b0.1 2.7 b0.1 6.7
b0.01 b0.1 1.9 0.10 6.9
b0.01 b0.1 3.5 0.15 6.9
b0.01 b0.1 3.7 0.17 7.0



Fig. 2. Distribution of total Hg concentrations in terms of grain size. Soils from: A) Jódar; B) Flix; C) Asturias and D) Almadén.
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that can be caused by both aerobic and anaerobic bacteria through enzy-
matic paths (Colombo et al., 2014; Smith et al., 1998).

Among the studied CAP soils, samples from the Flix area generally
exhibited higher THg concentrations, possibly due to the longer time
over which the CAP was operated in this area. Although Jódar samples
presented the lowest Hg concentration, these largely exceeded the
baseline levels for agricultural soils (0.05–0.3 μg·g−1) (Alloway,
2004),which indicates an enrichment inHgdue to anthropogenic activ-
ities. In the case of the Flix soils, significantly higher concentrations of
Hg were observed in the finest-grain subsamples (b0.06 mm) than in
the medium and coarse subsamples (0.5–0.25 mm and 2–1 mm). This
finding indicates a trend for the element to be accumulated in finer
fractions, as generally occurs with Hg and other heavy metals in soils
and sediments (Bengtsson and Picado, 2008; Boszke et al., 2004;
Fernández-Martínez et al., 2014; Xu et al., 2014). In contrast, a signifi-
cant influence of grain size does not seem to occur in Jódar soils, since
variations in the Hg concentrations were relatively low. It has been
hypothesized that in eroded soils that lack of vegetation, as in the soils
dedicated to olive cultivation (Gómez et al., 2014), coarser material
is likely to contain higher concentrations of soil-bound Hg (Burke
et al., 2010). Regarding Hg(0), the Jódar samples exhibited significant
concentrations and these were accumulated in the finest subsamples,
representing 8–16% of total Hg concentration, whereas lower percent-
ages were obtained for Flix samples. These figures are higher than
others reported for three European chloralkali plants (Biester et al.,
2002), where the proportion of Hg(0) was negligible, and the authors
explain these results by the lowproportion (4.4–8%)ofHg(0)previewed
by dry deposition models developed by United States Environmental
Protection Agency (USEPA).
The absence of Hg(0) in AMS is in contrast to situations in other
historic cinnabar sites such as Idrija (Slovenia), where the presence of
volatile Hg(0) has been reported (Kocman et al., 2004). However, Idrija
may be a different case to AMS (from Asturias and Almadén) because of
the marked differences in the presence of elemental Hg in ore bodies:
The occurrence of Hg(0) in ore bodies reaches levels of 30% (Kobal
andDizdarevic, 1997) in Idrija. Besides, Carr (1998) reported high levels
of native Hg in Idrija ore bodies, with levels of 50% reached in mineral-
ized clastites, while Bavec et al. (2014) described how native Hg spills
were frequent both in the mine and in solid wastes, with the latter
due to inefficient roasting technologies. However, the AMS analyzed in
this work belongs to mining districts with lower proportions of Hg
(0) in their mineralization: the Almadén site only has significant Hg
(0) levels in the Las Cuevas deposit (Rytuba, 2003), which was not
considered in this study, and the Asturias site only has a low proportion
of Hg(0) in ore bodies (Ordonez et al., 2013). When considering these
differences in Hg sources, some discrepancies can be found in the Idrija
Hg speciation data, with minor proportions of Hg(0) found in tailings –
as detected by thermal desorption techniques (Biester et al., 1999)

3.2. Hg fractionation

3.2.1. CAPs soils

3.2.1.1. Labile Hg species. The labile Hg fraction (F1, Table 1) proved to
extract the most soluble Hg compounds, including water soluble,
exchangeable, inorganic free and low molecular-weight organic Hg
species, which represent the most readily available Hg fractions
(Fernández-Martínez and Rucandio, 2013). As a consequence, a low



Fig. 3. Proportions of Hg fractions in the studied sites: A) Jódar; B) Flix; C) Asturias and D) Almadén.
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mobility of Hgwas found in CAP soils since the Hg concentrations in the
labile fraction were undetectable in Flix samples (Fig. 3b) and almost
negligible in Jódar samples (Fig. 3b), i.e., they accounted for only
0.02–0.10 μg·g−1, which corresponds to only 1.2–3.6% of THg. These
percentages were comparable to those observed by other authors in
soils impacted by CAPs: a mean value of 1.3% was reported for soils
fromNorth-Western Portugal (Reis et al., 2010); b2% ofmobile fractions
were reported in a facility in Tuzla, Bosnia-Herzegovina (Huremovic
et al., 2017); and, more recently, labile Hg concentration below
0.7% were registered for soils close to Lake Xolotlan (Nicaragua)
(Fernandez-Martinez et al., 2016). Although it has been established
that a proportion of the Hg emitted by CAPs is deposited as readily avail-
able Hg(II) (Biester et al., 2002; USEPA, 1997), these species can be
lixiviated or bound by humic acids and sulfides (Biester et al., 2002;
Skyllberg et al., 2006). Another explanation for these low labile fraction
concentration could come from the sampling technique, which only
corresponds to surficial soil (top 15 cm,with the upper 2 cmdiscarded).
In any case, low proportions of labile fractions in samples with high
total Hg concentration could constitute an environmental concern
due to their potential bioavailability and subsequent risk of entering
the trophic chain. It is noteworthy that the major proportion of the
labile fractions were found in the Jódar facility, which is located in a
region with a drier climate – a condition less favorable to soil washing
than in the Flix area.

3.2.1.2. Humic and fulvic complexes. The humic and fulvic complexes
fraction (F2, Table 1) tends to extract selectively the Hg that is bound
to humic and fulvic acids present in soils, as well as associated metals,
through an alkaline treatment (Bagheri et al., 2007). The complexation
of Hg by humic and fulvic acids plays an important role in controlling
Hg speciation and its availability to ecosystems (Biester et al., 2002;
Zhang et al., 2009). A very similar contribution was observed for F2 in
both CAP sites, as this fraction accounted for 4.5–21.3% of THg in Jódar
samples (Fig. 3a) and 8.3–26.7% of THg in Flix samples (Fig. 3b). In
addition, particle-size appeared to have a marked influenece since the
highest concentration corresponded broadly to the finest particle-size
subsamples (b0.06 mm), with the exception of sample F-6A, in which
the F2 concentration remained almost constant for the three particle-
size subsamples. In contrast, F2 concentration do not seem to have a
dependence on TOC. This was confirmed by the poor and negative
correlation between F2 and TOC (r = −0.356 for Flix samples and r =
−0.322 for Jódar samples at P b 0.05).

3.2.1.3. Elemental Hg and bound to crystalline oxides. Elemental Hg and
Hg bound to crystalline oxides (F3)were extracted under the conditons
detailed in Table 1. The results indicate that both CAP areas showed very
significant recoveries of F3, with values of 13–61% for the Jódar area
(Fig. 3a) and 34–60% for the Flix area (Fig. 3b). According to the applied
SEP, Hg extracted in F3 is related to elemental Hg and Hg associated
with crystalline Fe oxides; hence, a priori it can be considered that
this is not easy to mobilise. However, considering that Hg(0) can be
(i) emitted from soils through volatilization and uptake by plants via ae-
rial deposition on leaves (Higueras et al., 2012; Naharro et al., 2018) and
(ii) be converted tomore reactive Hg(II) and evenmethylated by bacte-
ria (Colombo et al., 2013; Fernandez-Martinez and Rucandio, 2005;
Garcia-Sanchez et al., 2009; Gray et al., 2004; Hu et al., 2013), its pres-
ence in soils may be of environmental concern. Given that anthropo-
genic inputs from CAPs occur predominantly in the form of Hg(0) and
Hg(II), this fraction is usually dominant in soils affected by CAPs emis-
sions (Frentiu et al., 2013; Reis et al., 2010). The observed percentages



1073R. Fernández-Martínez et al. / Science of the Total Environment 671 (2019) 1066–1076
are in the same range as those reported recently for soils from CAPS
areas in Southern Siberia (Russia) (Gordeeva et al., 2017). No significant
correlation was found between Hg(0) concentration and Hg concentra-
tion in F3 fraction. Thismeans that themain contribution in this fraction
may correspond to Hg associated to crystalline iron oxides. Regarding
particle-size distribution, F3 was predominant for the coarsest subsam-
ples, whereas it was the second in importance for thefinest subsamples.
The enrichment of Hg extracted in the F3 fraction in the coarsest sub-
samples is more pronounced for Jódar samples, since it represented
not only higher percentages but also higher absolute Hg concentrations
than those of the finest subsamples. The same trend has been observed
in other studies on soils affected by CAPs. Hg(0) and Hg associated with
crystalline Fe oxides correspond to Hg bound to themineral lattice and,
as a consequence, Hg in these environments ismore strongly associated
with coarse-grain particles (Huremovic et al., 2017).

3.2.1.4. Hg sulfide and refractory species. The measurement of Hg sulfide
and refractory species extracted in the fourth extraction (F4, Table 1)
may be interpreted as an estimation of the Hg present as cinnabar or
other sulfide Hg forms, which represent the least mobilizable species.
This fraction represented 32–63% of THg in Jódar samples (Fig. 3a) and
16–46% of THg in Flix samples (Fig. 3b). Among the studied soils related
to CAPs, our results were slightly lower than those reported by Bernaus
et al. (2006) in the Netherlands, who found this fraction to be major
(36–91% of THg) and higher than that obtained by Reis et al. (2010) in
soils from Portugal (3–35% of THg). In contrast to the F3 fraction, higher
F4 concentrations were found in the finest subsamples, as in other
studied soils (Huremovic et al., 2017). The relatively high proportion
of F4 may be explained by the stabilization of Hg sorbed onto soil by
complexation with naturally present sulfide-containing ligands – the
formation of such complexes is favored over complexationwith organic
matter or Fe and Mn oxides (Feyte et al., 2010; Fuhrmann et al., 2002).
This process seems to be dominant in the CAPs investigated in thiswork,
i.e., two locations with high proven Hg(0) and/or Hg(II) emissions
(Esbri et al., 2015; Higueras et al., 2016).

3.2.2. Soils from cinnabar mining and metallurgy districts

3.2.2.1. Labile Hg species. The labile Hg fraction (F1) generally shows neg-
ligible concentrations of most AMS from both studied areas (Fig. 3c, d).
As a consequence, the mobility of Hg in these soils can be considered
very low, which is consistent with the results of other studies
carried out on soils from the Almadén and Asturias mining districts
(Fernández-Martínez et al., 2014; Millan et al., 2011) and other ancient
cinnabar mines (Kocman et al., 2004). The exception was the sample
SOT1, from Asturias (Fig. 3c), where F1 represented around 2.7–5.9%
of total Hg, which corresponds to concentrations of 18.9–49.7 μg·g−1;
given the high mobility and availability of this fraction, the relatively
high concentrations obtained for this sample imply an environmental
risk, since it could release large quantities of Hg by runoff mine water.
A high F1 concentration may indicate the presence of reactive species
such as HgCl2, HgO or HgSO4 as well as Hg bound to carbonates
(Millan et al., 2011; Rimondi et al., 2014; Voros et al., 2018; Yin et al.,
2016). It has been established that the presence of highly reactive sec-
ondarymineral phases is characteristic of sites affected bymetallurgical
activities due to inefficient cinnabar conversion (Gray et al., 2004). This
effect is particularly important in La Soterraña because it represents
the major Hg metalurgical centre in the Asturias region and it received
raw material and concentrates from other Hg mines (Brañalamosa
and Maramuñiz) to be treated in its retorts or tub furnaces (Ordoñez
et al., 2013). This high proportion of labile fraction in La Soterraña
produced the maximum Hg concentration in waters downstream
from mining centers in Asturias (1–14 μg L−1) (Ordoñez et al., 2013).

3.2.2.2. Humic and fulvic complexes. The humic and fulvic complexes frac-
tion (F2, Table 1) showed low Hg recoveries for both mining areas,
namely 0.2–6.3% in samples from Asturias (Fig. 3c) and 0.6–2.4% in
samples from Almadén (Fig. 3d). In spite of the strong affinity of Hg
for humic substances (Shi et al., 2005), the low concentration of Hg
associated with organic matter are typical of mining sites. Our results
are comparable to those previously reported for soils from Almadén
(2.6–5.9% of total Hg) or Idrija soils (0.3–7% of total Hg) (Fernández-
Martínez and Rucandio, 2014; Kocman et al., 2004), although other
data suggest that the proportions of this fraction can be higher
(Campos et al., 2018; Higueras et al., 2003). However, in recent studies
developed on soils from La Soterraña and El Terronal mining sites, large
proportions of Hg associated to organic matter were found (Rumayor
et al., 2017). This has been attributed to the presence of Hg bound to
organo-mineral matter from vegetation and organometallic species
formed during roasting process (Rumayor et al., 2017). This contradic-
tory behavior may be explained because of the electivity of Na4P2O7

solution for humic and fulvic complexes, excluding Hg associated
organic phases with higher stability. As expected, F2 is enriched in
the finest subsamples for SOT1 and TRR1 from Asturias (Fernández-
Martínez et al., 2014). However the opposite trend was observed for
sample SOT2 and this behavior has also been observed in other studies
(Kocman et al., 2004). In the case of Almadén samples, a significant
influence of particle size was not observed. Once again, a negative
correlation between TOC and F2 percentages was found (r = −0.577
for Asturias samples and a poor positive correlation (r = 0.125) for
Almadén samples). The significant negative correlation is not consistent
with the current established view on the positive effects of TOC and Hg
accumulation (Covelli et al., 2012; Wu et al., 2013). Similar behavior
was observed in sediments from a mangrove area in Brazil (r =
−0.750) (Machado et al., 2016). A possible explanation for the lack
of positive correlation may be the presence of non-humified organic
matter, which is less efficient in complexing Hg(II) species (Biester
et al., 2002; Voros et al., 2018).

3.2.2.3. Elemental Hg andHg bound to crystalline oxides. ElementalHg and
Hg bound to crystalline oxides (F3) were below 15% for Almadén
(Fig. 3d) and La Soterraña (Asturias) soil samples (Fig. 3c), whereas
the values ranged from 10.4% to 37.4% for La Peña-El Terronal (also in
Asturias) subsamples. Regardless of the other studied areas, the sample
from La Peña-El Terronal mine site showed a clear tendency for Hg F3
accumulation in the finest subsample. The high F3 concentration
found in La Peña-El Terronal subsamples are not surprising, since high
percentages in this fraction have been reported previously in the same
area, where highly contaminated calcine wastes occur (Fernández-
Martínez et al., 2014; Fernández-Martínez et al., 2006). Hg recovery in
F3 is due to the extraction of metallic Hg, which condensed during the
ore roasting process and was sorbed onto crystalline Fe oxides (Gray
et al., 2004). In addition, in the case of La Peña-El Terronal soil, where
relatively low calcination temperatures were used in rotary furnaces
(over 853 °C) (Luque and Gutíerrez, 2006), another contribution to
this fractionmay be the presence of other secondary phases, such as cal-
omel or finely ground organo-sulfur, which can be extracted by highly
concentrated HNO3 solutions (Esbri et al., 2010; Rimondi et al., 2014).

3.2.2.4. Hg sulfide and refractory species. The measurement of Hg sulfide
and refractory species, as one might expect, gave high levels for most
of the AMS samples, with values in the range 86–94% of total Hg
for Almadén soils (Fig. 3d) and 60–95% of total Hg for Asturias soils
(Fig. 3c). The predominance of sulfide Hg phases in soils from
La Soterraña confirms the findings by Rumayor et al. (2017) using
thermodesorption analysis, and it can be attributed to the presence
of mine wastes containing HgS and Hg-FeS2.. This means that Hg
in the AMS occurs mainly as sulfide phases, such as cinnabar and
metacinnabar. According to the literature, the predominance of such
sulfide phases is expected in soils from cinnabar districts. Esbri et al.
(2010) reported proportions for the sum of cinnabar and metacinnabar
concentration in the range of 46–62% for soils from Almadén and
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50–100% for soils from Asturias. A significant influence of particle-size
on the F4 percentage was not observed for Almadén and La Soterraña
samples, since only small differences were found. With the exception
of sample TRR1, a clear distribution pattern among subsamples could
not be established. This contradictory behavior regarding the accumula-
tion of sulfideHg phases on particle-size fractions is not unprecedented.
Several studies on soils affected by mining or industrial activities led
to opposite conclusions about the distribution of cinnabar in terms
of particle-size fractions (Baptista-Salazar et al., 2017; Huremovic
et al., 2017). It seems that particle-size distribution of sulfide phases
is governed by the form in which the cinnabar is present and the
physicochemical characteristics of soils, which are largely site-specific
(Fernandez-Martinez et al., 2005; Lusilao-Makiese et al., 2013).

3.3. Comparison between CAPs and AMS

The distribution patterns of Hg species for CAPs soils and AMS
highlight the different origins of the pollution for both types of site,
with some factors like climatic conditions or time-lapse since the last
emission period acting as secondary factors in the incorporation of Hg
into the soil geochemistry. In general, extracted Hg concentrations
obtained by the SEP correlate positively with total Hg concentration.
Regarding specific fractionation, fraction F3 (elemental Hg and Hg
bound to crystalline oxides) typically appears more abundant in CAP
soils, which is in agreement with the source of pollution, since anthro-
pogenic Hg in CAP sites is mainly derived from Hg(0) deposition and
subsequent oxidation to Hg(II) or direct Hg(II) deposition. In contrast,
AMSexhibited very high F4 (Hg sulfides and refractory species) concen-
trations, which is consistent with the origin of the massive input of Hg
to the sites in these areas from cinnabar ores – a highly insoluble Hg
compound that remains almost unaltered, despite being exposed to
weathering. Unlike the typical behavior in natural soils (Malehase
et al., 2016), Hg associated with soil organic matter, represented by
the concentration of Hg Hum/Ful fraction (F2), is not a major phase
in any of the studied soils. Although higher proportions were found in
CAP soils, the highest concentrations in this fraction corresponded
to AMS. In this case, other factors like composition of organic matter
or climatic conditions have to be taken in consideration to explain
these low Hg concentration in fraction F2 in AMS, and again the pre-
dominance of cinnabar in the ore and soils can lead to a decrease
in the proportion of available Hg to be complexed by organic matter.
In spite of not being considered as a readily available Hg fraction, Hg
associated with humic acids has been identified as the Hg fraction
with enhanced reactivity with respect to microbial methylation
(Liu et al., 2006; Moreau et al., 2015).

In all of the studied soils, total Hg appears at higher concentrations in
the finest fractions. In CAPs, compounds related with F3 reach higher
concentrations in coarser fractions, while the other fractions appear to
be more concentrated in finer fractions. This trend was not observed
for AMS, or at least not so clearly, with some samples showing higher
proportions of F3 in finer fractions (SOT1, TRR1, EDAR1),while in others
the Hg fractions did not show any trend beyond the predominance of
cinnabar and the almost total absence of labile compounds. These
differences in trends as a function of grain-size in CAP and AMS samples
could be a consequence of the more complex incorporation of Hg in
the soil geochemistry in AMS environments. This could be due to the
complexity of Hg sources (Hg fractionation in ore bodies, mining
operations andmetallurgical activity) in AMS locationswhen compared
to the simplicity ofHg sources in CAP locations (Hg(0) andHg(II) diffuse
emissions, with a low role of solid wastes in Hg dispersion process). It is
important to consider the total absence of particulate Hg in atmospheric
Hg emissions in CAP locations, and the total predominance of gaseous
Hg (Hg(0) and Hg(II)) in deposition processes to explain the clear
trends in granulometric fractions.

In terms of risk assesment, it is necessary to consider three impor-
tant findings:
- The high total Hg concentrations in AMS, which make minor frac-
tions, such as the Hg fraction linked to humic/fulvic compounds
(F2),moreworrisome in terms of totalHg available to bemethylated
when compared with major fractions in CAPs soils, which have
lower total Hg concentrations.

- The proportions of low lability fractions (F1) in CAP soils and their
almost total absence in AMS, combined with the high proportions
of the refractory fraction (F4), produce an effective immobilization
of Hg in the soil matrix regardless of soil composition or the nature
of the source.

- The low elemental Hg concentrations in both CAPs and their absence
in AMS provide evidence that gaseous Hg deposited in soils by dry or
wet deposition interacts with the soil matrix (humic and fulvic acids,
crystalline Fe oxides, organo-sulfur compounds). In this way almost
all Hg(0) is converted into Hg sorbed/complexed to other soil com-
pounds, although the specific details differ, probably as a consequence
of local soil characteristics such as composition and reactivity.

4. Conclusions

Differences inHg fractionation in soilswere investigated as a function
of source (mining or industrial) and grain size in order to gain a better
understanding of the soil immobilization capacity for Hg. The main find-
ings as as follows:

- Higher amounts of total Hg entering soils were found inmining soils
from a complex Hg source including mining operations, metallurgi-
cal activity and Hg fractionation in ore bodies. CAP soils contained
lower levels of total Hg, which comes from a single source of gaseous
Hg (Hg(0) and Hg(II)).

- Fractionation of Hg shows a predominance of Hg sulfide and refrac-
tory species in mining soils and elemental Hg and Hg bound to
crystalline oxides in CAPs.

- Grain size proved to be an important factor for Hg fractionation in
CAP environments, with elemental Hg and Hg bound to crystalline
oxides more abundant in coarser fractions whereas the other frac-
tions were more abundant in the finest fractions.

- Although CAP sites show higher Hg percentages in fractions that are
more prone to methylation, greater concentrations of Hg in these
fractions in AMS could represent a major risk as they could enter
the human trophic chain.

- Low Hg(0) concentrations in CAP soils and its absence from AMS
provide evidence that gaseous Hg deposited in soils interacts
strongly with the soil matrix, thus converting almost all Hg(0) into
Hg sorbed/complexed to other soil compounds.
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